Introduction
Polycyclic aromatic hydrocarbons (PAHs) are ubiquitous organic pollutants, present in the atmosphere both in the vapour phase and associated with particulate matter (PM). PAHs are often measured in studies of atmospheric chemistry or health effects of air pollution, owing to their known carcinogenic effects (Yu, 2002) . Recently, PAH quinone derivatives have also become a focus of interest, primarily because they can contribute to oxidative stress, and are believed by some to be more toxic than their parent PAH compounds (Sidhu et al., 2005; Walgraeve et al., 2010) . Rarely however, are such compounds measured in the same airborne samples, despite the need to do so to elucidate atmospheric processing of PAH.
Oxygenated PAH, including quinones are released into the atmosphere along with PAH during incomplete combustion processes (Iinuma et al., 2007; Layshock et al., 2010; Valavanidis et al., 2006) . Vapour phase and heterogeneous atmospheric processing of PAHs can yield further quinone products via reactions with atmospheric oxidants including OH, NO 3 and O 3 (Atkinson and Arey, 2007) . However, the relative contribution to the observed atmospheric burden of PAH quinone derivatives from direct combustion emissions and secondary atmospheric reactions is far from fully understood (Keyte et al., 2013) .
Although there are many reports of oxygenated-PAHs measured in airborne analyses (Walgraeve et al., 2010) , which include ketones, carboxaldehydes and diones, limited measurements of quinones alongside PAH have been reported. Wang et al. (2011) reported the measurements of three quinones, nitro-PAH (NPAH) and associated parent PAH compounds, in a toxicity study of PM 2.5 during the Beijing Olympic Games. They found that although most of the parent PAH, NPAH and oxygenated-PAH (OPAH) concentrations correlated with NO and NO 2 , only the parent PAHs were correlated with CO and SO 2 concentrations. The authors suggested that the OPAHs were therefore primarily associated with local emissions and local photochemical formation. Albinet and co-workers reported the measurement of 15 PAH compounds using HPLC with fluorescence/UV detection, while determining 17 NPAH and 9 OPAH (2 of which were quinone) compounds simultaneously using GC-MS with negative ion chemical ionisation (NICI) (Albinet et al., 2006 (Albinet et al., , 2007a (Albinet et al., , b, 2008a . More recently, Wingfors et al. (2011) measured 18 OPAHs, 6 of which were quinones, in an urban environment, but were only able to measure 3 of the associated parent PAH compounds. The most common of the measured airborne quinone compounds reported in the literature to date are 9,10-anthraquinone and 9,10-phenanthraquinone; however, many studies have also reported quinone compounds including 1,2-naphthoquinone and 1,4-naphthoquinone from diesel and gasoline vehicle emissions (Cho et al., 2004; Jakober et al., 2007) .
Recently, in a study from this laboratory, we reported a methodology to measure quinones and PAHs in the gaseous and particulate phases in ambient air, utilising GC-MS (Delgado-Saborit et al., 2013a) . This included the first measurements for a range of quinones with a comparison of vapour and particulate phases, at an urban site in Birmingham with concentrations being of the same order of magnitude as their parent PAHs. In the present study we utilise the previously reported methodology to determine the airborne concentrations of 15 PAHs and 11 quinones, at a rural site on the North Sea coast, Weybourne, UK. Quinone to parent-PAH ratios combined with back trajectories are used to assess the long range chemical transport and relative contribution of potential sources for measurements made at the site.
Experimental

Site location
Sampling was conducted at the Weybourne Atmospheric Observatory (52 • 57 N 1 • 07 E) located on the North Norfolk coast. The observatory is located in a field approximately 100 m from the sea and 1 km away (northwest) from the nearest village. The area is surrounded by agricultural land with the closest city, Norwich, approximately 50 km SSE. The location receives a variety of Atlantic, Arctic, European, UK and North Sea air masses, owing to the rapidly changing wind directions. A comprehensive description of the site is given elsewhere (Penkett et al., 1999) .
Particle and vapour phase sampling
Daily particulate (PM 2.5 and PM 2.5−10 ) and vapour phase (PUFs) samples were collected over two one month periods, during winter (2 February 2010-2 March 2010) and summer (6 August 2010-2 September 2010), using a high volume air sampler TE-6070 (Tisch Environmental, Inc.). The high volume sampler typically draws large volumes of air in the range of 1600-2000 m 3 over a 24 h period, through a 20 cm × 25 cm quartz fibre filter (QMA) substrate. A parallel plate denuder coated with XAD-4 (20/60 mesh, Sigma-Aldrich, England) was also used to collect vapour phase compounds during winter and summer campaigns with a sampling flow rate range of 10-20 LPM. Vapour phase concentrations measured using PUF substrates and parallel plate denuders for the winter campaign were in good agreement of ±10 %. Procedures prior to sampling have been discussed in detail in Delgado-Saborit et al. (2013a) . Briefly, filters were preheated at 400 • C for 48 h in a box furnace, wrapped in clean preheated foil, placed in a cardboard box, and sealed in an airtight metallic box. The polyurethane foam (PUF) were pre-cleaned prior to their use in the field in a Soxhlet using dichloromethane for 24 h, where no degradation effect was observed. The solvent was later drained and the PUFs were left to dry in a sealed metal container under a stream of nitrogen. The cleaned and dried PUFs were sealed in airtight plastic bags and stored in a freezer. The metal denuder collection plates were placed into an airtight sealed denuder and shaken whilst in contact with XAD-4 suspended in dichloromethane to ensure an even coating of the plates (see Delgado-Saborit et al., 2013b) . The plates were subsequently dried under a nitrogen flow, removed from the denuder holder, wrapped in aluminium foil and placed inside an airtight bag in a freezer. After exposure, the filters, PUFs and denuder plates were wrapped separately with clean pre-heated foil, enclosed in airtight plastic bags and stored under conditions of approximately −18 • C until analysis.
Sample analyses
Samples were analysed for 15 PAHs and 11 quinones using the methodology described previously (Delgado-Saborit et al., 2013a) . Briefly, filters, PUFs and denuders were spiked with 1000 pg µL −1 deuterated internal standards for quantification (a list of these compounds is available in the Supplementary Material). Filters were immersed in DCM and ultrasonicated at 20 • C for 15 min. The extract was subsequently dried and cleaned with a chromatography column filled with 0.5 g of anhydrous sodium sulphate (puriss grade for HPLC). The cleaned extract was split into two equal parts, where one half was further concentrated to 50 µL under a gentle nitrogen flow and the other derivatised as outlined below. PUFs were immersed in 100 mL of DCM and ultrasonicated at 20 • C for 20 min. Airtight closed denuders filled with 200 mL of DCM were shaken for 10 min changing orientation every two minutes. In both cases, the extract was concentrated to 10 mL using nitrogen, and subsequently dried and cleaned as described for the filters above.
The second part of the extract was derivatised in order to convert five quinones to their diacetyl derivatives (Cho et al., 2004; Chung et al., 2006; Delgado-Saborit et al., 2013a) . Briefly, the extract was concentrated under a gentle nitrogen flow, followed by the addition of acetic anhydride (200 µL) and zinc (100 mg). The mixture was heated at 80 • C with a heating block for 15 min, mixing on a vortex every 5 min. This procedure was repeated and then allowed to cool to room temperature, followed by the addition of pentane (3 mL) and 0.5 mL of water. The pentane layer was removed and the sample was further concentrated under nitrogen to 100 µL. This concentrated sample volume was transferred to a 250 µL GC insert, further evaporated under nitrogen to dryness and reconstituted in 25 µL of recovery standard (i.e. pterphenyl-d 14 ). Derivatised samples were stored in the GC inserter vials in a freezer at −20 • C until analysis.
The samples were analysed using an Agilent Technologies 6890 Gas Chromatograph (GC) equipped with an Agilent HP-5MS, non-polar capillary column (30 m, 0.25 mm ID, 0.25 µm film thickness −5 % phenylpolysiloxane), in tandem with a 5973N Mass Spectrometer (MS) for the PAH and quinone analysis. Quality assurance and further information on the experimental procedure can be found in Delgado-Saborit et al. (2013a) .
Back trajectories
The National Oceanographic and Atmospheric Administration's (NOAA) Hybrid Single Particle Langrangian Integrated Trajectory model (HYSPLIT4) was utilised to evaluate the source regions of air masses encountered at the sampling location. Back trajectories were simulated using Global Data Assimilation System (GDAS) meteorological data, containing 3 hourly, 1 • , pressure level data for analysis and forecasting. 72 h back trajectories were simulated every hour from 00:00 GMT, 1 February 2010 to 23:00, 3 March 2010 for the winter campaign and from 00:00 5 August 2010 to 23:00, 4 September 2010 for the summer campaign resulting in 744 and 720 back trajectories respectively, at 10, 100 and 500 m air mass heights.
The average air temperatures measured during the winter and summer campaigns were 2.9 ± 1.8 and 16.0 ± 2.7 • C, respectively; where the indicated uncertainty is the standard deviation of hourly measured data.
Results and discussion
PAH concentrations
Concentrations of individual PAH are 20-140 times smaller than average concentrations at an English urban site. The average concentrations of vapour and particulate phase PAH compounds measured during the winter and summer campaigns are shown in Table 1 . Concentrations did not vary greatly between seasons, albeit statistically significant (t test, p < 0.05), with average total concentrations for all measured PAH during winter exceeding those during summer. Concentrations of PAHs measured in this study are lower than urban environment measurements from the UK (Alam et al., 2013; Harrison et al., 1996) , as would be expected for the site location and in reasonable agreement with background concentrations measured in southeastern Finland (Vestenius et al., 2011) .
In general, high molecular weight (HMW) PAH compounds were present in relatively lower concentrations than compounds of lower molecular weight (LMW). LMW (< 228 Da) PAHs were predominantly in the vapour phase, where phenanthrene was found to be the most abundant PAH measured at an average total (vapour + particulate) concentration of 1.10 and 0.81 ng m −3 in the winter and summer, respectively. Interestingly, a larger percentage of the concentration of some PAHs were partitioned in the vapour phase during the winter than in the summer, see Table 1 . For example, 51 and 33 % of the total average concentration of benzo(a)anthracene was present in the vapour phase during the winter and summer, respectively. This may reflect faster gas phase reaction rates with atmospheric oxidants (OH, O 3 and NO 3 ) in the summer where oxidant levels are higher. Equilibration between the phases seems likely to be relatively slow.
The average total concentration of PAH in the summer campaign was approximately 70 % of the winter campaign sum. There is scatter around this value for individual compounds, the most marked difference being for retene. The very high winter / summer ratio for retene is likely to reflect its emission during wood burning (Bari et al., 2009 ). The seasonal difference for the other compounds is seen in the high MW as well as the low MW compounds and is not explicable purely by greater partitioning to vapour in the warmer summer campaign, although this will be a factor. Other reasons include greater emissions in the winter due to increased fossil fuel usage, the usual seasonal increase in primary pollutants in winter due to poorer dispersion conditions, and a different frequency of air mass types, as this strongly influences concentrations during an episode (see below).
Quinone concentrations
The average concentrations of vapour and particulate phase quinone compounds measured during summer and winter are shown in Table 1 . We report the first remote site observations for 2-methylanthraquinone (2MAQ), 2,3dimethylanthraquinone (2,3DMAQ), benzo(a)pyrene-6,12dione (B(a)P-6,12) and benzo(a)pyrene-1,6-dione (B(a)P-1,6) using GC-MS. Quinones with molecular mass < 208 Da were mainly found in the vapour phase, consistent with previous studies, who reported that > 50 % LMW OPAH compounds (MW < 202 Da) were present in the gas phase (Albinet et al., 2008a) . Approximately 95 % of 1,2naphthoquinone (1,2NQ) 1,4-naphthoquinone (1,4NQ) and 2-methyl-1,4-naphthoquinone (2MNQ) were measured in the vapour phase, irrespective of seasons. A smaller percentage of vapour phase, approximately 50 and 20 %, was measured for phenanthraquinone (PQ) and anthraquinone (AQ) during the winter, respectively; but vapour phase AQ during the summer was approximately 50 %. This is in agreement with previous measurements and the larger percentage of particulate phase measured for these quinones in comparison to PAHs of similar MW may indicate that the greater polarity of these quinones may lead to an increased tendency to partition into the particulate phase (Delgado-Saborit et al., 2013a). The average vapour phase concentrations for all measured quinones during the winter exceeded those during the summer, with the exception of 1,4NQ, AQ and benzo(a)anthracene-7,12-dione (B(a)A-7,12). Interestingly, this coincides with the percentage decrease of vapour phase ANT and B(a)A observed during the summer (see Table 1), suggesting that an increase in gas phase reactions of ANT and B(a)A with atmospheric oxidants during the summer may give rise to these elevated levels of vapour phase AQ and B(a)A-7,12.
Relatively greater partitioning of all quinones into the particulate phase was found for compounds with MW > 222 Da, during the winter, see Table 1 . Previous measurements at trafficked and urban background sites in Birmingham indicated that 5 % of 5,12-naphthacenequinone (5,12NAQ) was found in the vapour phase (Alam et al., 2013) , whereas approximately 35 and 18 % of 5,12NAQ was measured in the vapour phase, during the winter and summer respectively, in this study, thus reflecting the volatility of this compound. The average particulate phase quinone concentrations measured during the winter were greater than those measured during the summer, again with the exception of 1,4NQ. A paired t test revealed these seasonal differences (vapour and particulate phase) to be statistically significant (p < 0.05) for all quinones except for vapour phase 2MAQ, which has been suggested to be heavily traffic related (Alam et al., 2013) .
Like PAHs, quinones are emitted to the atmosphere through incomplete combustion processes and biomass burning, but are also formed from atmospheric reactions of their parent PAH compounds. Thus, quinones, as with PAHs should demonstrate seasonal variability, which has been demonstrated by numerous studies (Eiguren-Fernandez et al., 2008 Miguel et al., 2004) . The average total concentration of quinone compounds in the summer campaign was approximately 95 % of the winter campaign sum. Again there is significant scatter around this value for individual compounds, particularly 1,4NQ, AQ and B(a)A-7,12. Quinone/PAH ratios were consistently higher in summer than winter, as exemplified by the data in Table S2 .
Chemical reactions are likely to be greater in summer due to higher reactant concentrations (especially hydroxyl radical) but most quinones also show a winter / summer ratio broadly similar to the PAH suggesting that they have largely primary origins. There are however some notable exceptions. Vapour phase concentrations of 1,4NQ, AQ and B(a)A-7,12 were a factor of 1.8, 4.2 and 1.6 times greater in the summer than in the winter, respectively. The average total concentrations for 1,4NQ and AQ were a factor of 1.8 and 1.3 times greater in the summer, respectively. This may indicate that photochemical activity is a major contributor to formation of AQ, 1,4NQ and potentially of B(a)A-7,12 during the summer.
Furthermore, the total concentration of 1,2NQ was 24 % lower during the summer, whereas the concentration of 1,4NQ was approximately 78 % larger. This may indicate that photochemical activity is a major contributor to 1,4NQ formation during the summer, consistent with the levels reported for downwind sites such as Lake Arrowhead and Lancaster in Southern California (Eiguren-Fernandez et al., 2008) . The Weybourne Observatory Site is remotely located but frequently downwind of the London conurbation (Cardenas et al., 1998) . Higher concentrations of 1,4NQ during the summer, therefore, may suggest a more important contribution of photochemistry, resulting from transformation processes occurring during regional transport.
Back trajectories
72 h back trajectories were calculated with 1 h intervals for the winter and summer sampling campaigns, totalling 744 and 720 back trajectories, respectively. Owing to the rapidly changing wind directions and the variety of air masses arriving from the Atlantic, Arctic, European, UK and North Sea areas, a cluster analysis for the back trajectories was completed to group similar trajectories together, using HYPLIT4. A 6 and 3 cluster mean was identified by the simulations for winter and summer campaigns, respectively, as illustrated in Fig. S1a and b , respectively. Although this gives an indication of where the air masses arrive from at the Weybourne Observatory site, it does not show the day to day changes in air mass direction. Thus back trajectories were identified for each day of the 30 day sampling period and related to the PAH and quinone concentrations, for greater accuracy. The variation of the air mass trajectories for the 24 h sampling period is shown in Table S1. The 6 clusters identified during the winter were further grouped together to form 3 clusters according to geographical origin, i.e. air masses originating from the North sea and Scandinavia were combined (red), Eastern and Southern Europe were combined (green) and London and mainland UK were combined (blue) (see Fig. S1a ). A minimum of 15 out of 24 hourly trajectories within a day could be assigned to one cluster (or 2 combined clusters, in winter) during the winter (6, 16 and 21 February 2010) and summer (23 August 2010). The hourly trajectories for 8 and 15 days during the winter and summer sampling periods, respectively, were stable and all assigned to one cluster (or 2 combined clusters, in winter), see Table S1 . Figure 1 illustrates that the total PAH concentration (i.e. sum of particulate and vapour phases) undergoes very similar temporal evolution to SO 2 throughout the winter sampling period (r 2 = 0.65). The three different colours within Fig. 1 signify the three different periods where air masses were traced back to the North Sea and Scandinavia, London and mainland UK and Eastern and Southern Europe, and correspond to the three colours illustrated in Fig. S1a . The Similarly, during the summer, lower PAH concentrations were measured during sampling periods 13 August 2010 to 16 August 2010 and 30 August 2010 to 02 September 2010, when air masses originated from the North Sea, see Fig. S1b .
Ratios of quinone to parent-PAH compounds
The ratio of the concentration of an oxidation product quinone to that of its parent PAH together with information extracted from back trajectories can be used as an indicator of the contribution of atmospheric reactions to the concentration of quinones in the atmosphere. For example, McKinney et al. (1999) reported the ratios of AQ to anthracene (ANT) for several coastal marine sediments (McKinney et al., 1999) . The differing ratios were attributed to atmospheric deposition at remote sites (ratio > 1) and direct discharge to highly contaminated industrial harbours (ratio < 1). Although these quinone to parent-PAH ratios can be indicative of the rate of transformation of PAH into quinones, they are not definitive since quinones can also be emitted directly from combustion processes as described previously (Layshock et al., 2010; Walgraeve et al., 2010) . The rates of reaction of the quinones also need to be considered, but are largely unknown. Quinone to parent PAH ratios can also be influenced by sampling location and temperature, as this may influence the gas to particle partitioning of PAHs and OPAHs (Alam et al., 2013) . A number of OPAH / PAH ratios were studied by Walgraeve et al. (2010) during the summer and winter, finding a large range of ratios which were explained by the importance of photochemical activity during the summer. Wingfors et al. (2011) calculated ratios for AQ and B(a)A-7,12 to their parent PAHs and found that they did not differ significantly (t test, p = 0.05) at two sites having similar distances from the source of emission.
The observed concentration ratios of AQ, PQ and B(a)A-7,12 to parent-PAH during the sampling periods may be related to the air mass origin and used to assess the long range chemical transport and relative contribution of different sources to the concentrations of quinones. A paired t test revealed the differences in quinone / PAH ratios (sum of vapour and particulate phase) of air masses from differing back trajectory regions to be statistically significant, for both winter (p < 0.05) and summer (p < 0.01) campaigns. During the winter, relatively low quinone / PAH ratios were observed when air masses originated from closer source regions such as London and Western Europe (17 February 2010 to 20 February 2010), see Fig. 2a . These ratios may therefore reflect the dominance of primary emissions upon the observed levels of quinones on these sampling days. In contrast, the levels of quinones relative to their parent PAH were notably enhanced for air masses originating from more remote areas away from regions with an abundance of primary emissions (see Fig. 2a , 11 February 2010 to 14 February 2010). This may therefore be indicative of an additional source contributing to levels of quinone, most probably oxidation reactions of PAHs occurring during long-range transport. Alternatively, it may reflect greater degradation of PAH than quinones during atmospheric transport, irrespective of the reaction products. Figure 2a illustrates that 53 % of the quinone to parent-PAH ratios during the winter sampling period were in the order B(a)A-7,12/B(a)A > AQ / ANT > PQ / PHE. This may be indicative of the atmospheric processing rates for these compounds. For example, PAHs can react with OH forming their respective quinone compounds where the second order reaction rate coefficient for the gas phase reaction of PHE + OH is 3.2 × 10 −11 cm 3 molecule −1 s −1 (Lee et al., 2003) which is an order of magnitude slower than ANT + OH (1.3 × 10 −10 cm 3 molecule −1 s −1 ) . This corresponds to daytime lifetimes of 4.3 h and 1.1 h for PHE and ANT respectively, for [OH] = 2 × 10 6 molecule cm −3 ; global 12 h average (Atkinson and Arey, 2007) ; and may account for the smaller ratios of PQ / PHE in comparison with AQ / ANT and B(a)A-7,12/B(a)A. To date, however, no gas phase reaction rate coefficient has been measured for B(a)A with atmospheric oxidants, OH, O 3 or NO 3 , even though a significant proportion of B(a)A is found to be present in the gas phase during winter (see Table 1 ). The ratios of B(a)P-6,12 and B(a)P-1,6 to B(a)P did not show a strong variation as demonstrated for AQ, PQ and B(a)A-7,12, with approximately 85 % of the sampled ratios less than 0.5. The observed ratios of particulate phase AQ, PQ and B(a)A-7,12 to parent-PAH during the winter sampling campaign (not shown) were found to be strongly related to their air mass origins, as shown in Fig. 2 for the sum of particulate and vapour. However, 77 % of the particulate quinone to parent-PAH ratios were in the order AQ / ANT > B(a)A-7,12/B(a)A > PQ / PHE and the ratios were in the order of 0.1-2.9, larger than the ratios determined for the sum of vapour and particulate compounds of 0.04-1.8 shown in Fig. 2a . During the summer a more pronounced difference was observed between total quinone / PAH ratios of air masses originating from "polluted" and "non-polluted" regions, see Fig. 2b . Again, relatively larger quinone / PAH ratios were observed when air masses originated from remote areas away from regions with high primary emissions (see Fig. 2b , 13 August 2010 to 16 August 2010 and 29 August 2010 to 2 September 2010), particularly for ratios AQ / ANT and B(a)A-7,12/B(a)A. Unlike the winter data, however, 88 % of the quinone to parent-PAH ratios were in the order AQ / ANT > B(a)A-7,12/B(a)A > PQ / PHE. To assess whether atmospheric processing rates were at all responsible for this observation during the summer, total AQ / ANT : PQ / PHE ratios were calculated for the three cluster trajectories. The average total AQ / ANT : PQ / PHE ratios determined for green (remote, North Sea), blue (London and Western Europe) and red (mainland UK and Ireland) trajectories were 5.1, 2.5 and 2.2, respectively. The larger ratio calculated for remote areas, as well as the higher concentrations of AQ observed during the summer relative to the winter, suggests greater atmospheric processing rates for faster reacting PAHs during long range transport.
Approximately 77 and 56 % of the particulate quinone to parent-PAH ratios during the winter and summer sampling period were also in the order AQ / ANT > B(a)A-7,12/B(a)A > PQ / PHE, respectively. This is consistent with relative rates of heterogeneous processing for these compounds. For example, Perraudin et al. (2005 Perraudin et al. ( , 2007 investigated the kinetics of the reactions of atmospheric oxidants and PAHs adsorbed on model atmospheric particles. They found that whatever the conditions of the particle loading, the ozone concentration and nature of the particles, ANT and B(a)A were the most reactive towards ozone oxidation (Perraudin et al., 2007) , where the absolute reaction rates for ANT + O 3 was an order to magnitude faster than PHE + O 3 . Similarly, particulate PHE was found to be less reactive towards NO 2 and not considered to be degraded at atmospherically relevant NO 2 concentrations (Perraudin et al., 2005) . ANT and B(a)A, however, were found to react up to 3 orders of magnitude faster, and when adsorbed on silica particles, their lifetime relative to NO 2 oxidation may be shorter than a few hours in polluted conditions. Calculated lifetimes for ANT, B(a)A and PHE with respect to NO 2 using the reaction rate coefficients determined by Perraudin et al. (2005) and a yearly average [NO 2 ] of 1.3 × 10 11 molecule cm −3 , determined at Harwell, UK (2011) are 4 h, 60 h and 1460 h, respectively. These kinetic observations may explain the ordering of the particulate ratios and the relatively low PQ to PHE particulate ratios determined during the summer sampling campaign. However, the variation in the literature for heterogeneous reaction rate coefficients of PAHs means that it is difficult to infer the rates of PAH conversion to their derivative compounds. Such a discussion also ignores the active re-partitioning of PAH and their oxidation products between particle and vapour phases and the role of vapour as a reactant and a component of the product mixture.
PAH reactivity
The differences in PAH congener profiles between rural and urban sites can indicate the extent of PAH reactivity within the atmosphere, where rural sites should show a much more aged profile than urban sites. However, relatively small differences in the PAH profiles from nearby urban and rural sites are typically seen (Mari et al., 2010; Sanderson et al., 2004) , and it has been suggested that atmospheric transformations of PAHs may be of relatively little importance. A comparison of congener profiles for urban (data from Alam et al., 2013) (Birmingham, UK) and rural (this study -Weybourne, UK) sites is illustrated in Fig. 3 . The concentrations of PAHs and quinones determined at Weybourne are a result of emissions that have undergone long range transport, whereas concentrations from the urban site (Elms Road Observatory Site, EROS), which are an order of magnitude larger, are representative of urban source area composition. Mari et al. (2010) reported the similarity of PAH congener profiles between urban and nearby rural sites, and showed no consistent pattern of change in the relative concentrations of PAHs. Concentrations at rural sites were lower than urban sites, which is a result of dilution processes in the urban plume, and is also demonstrated in the data presented in this study. In contrast to Mari et al. (2010) , Figure 3 suggests a substantial difference within the ranking related to PYR, B(b)F, B(k)F, IND and B(ghi)P for PAHs and PQ for quinone compounds. This may arise because of different sources, rates of atmospheric processing, or of deposition. For example, the ratio of FLU / PYR for rural and urban sites was 2.06 and 0.78, respectively (see Fig. 3 ); suggesting that PYR may be more reactive than FLU and is consistent with the gas phase absolute reaction rates determined with respect to OH of 2.20 × 10 −5 s −1 (Brubaker and Hites, 1998 ) and 1.00 × 10 −4 s −1 (Atkinson et al., 1990) for FLU and PYR, respectively. This is also consistent with the gas phase absolute rate constants determined with respect to NO 3 (Atkinson et al., 1990 ) and heterogeneous absolute rates calculated with respect to OH (Bedjanian et al., 2010; Esteve et al., 2006) , NO 2 (Esteve et al., 2004 (Esteve et al., , 2006 Perraudin et al., 2005) and O 3 (Perraudin et al., 2007) , suggesting that PYR may have a higher susceptibility to atmospheric processing than FLU. This is however in contrast with the isomeric ratio of FLU / PYR for the individual trajectories calculated during the winter which are 2.06, 2.15 and 1.01 for London and mainland UK (blue), eastern and southern Europe (green) and North Sea and Scandinavia (red), respectively, which may suggest different ratios in the different source areas.
A difference in the ranking relating to PQ was also observed between the two sites (see Fig. 3 ), where elevated levels of PQ were observed at EROS. This could indicate a direct emission source of this species from traffic (Alam et al., 2013) . The average quinone to parent-PAH ratios for PQ / PHE, AQ / ANT and B(a)A-7,12 / B(a)A are shown in D(a,h) Table S2 . The elevated ratios observed at Weybourne for AQ / ANT and B(a)A-7,12 / B(a)A may be attributed to the occurrence of oxidation reactions of PAHs occurring during long range transport. The more similar ratios obtained at the two sites for PQ / PHE suggests that the atmospheric processing rate of PHE may be slower than ANT and B(a)A, consistent with the ordering of quinone / parent-PAH ratios discussed for Fig. 2 . The ratios of urban / rural PAH and quinone concentrations are illustrated in Fig. 4 . This ratio can be used to assess the reactivity of PAH and quinone compounds. Figure 4 shows a substantial difference in the ratios depending upon where the air masses are originating from. For example, the ratios calculated using rural data where air masses originate from relatively local source areas, such as London/mainland UK (Fig. 4 , blue bars) and mainland Europe (Fig. 4 , green bars) are very similar and relatively small, in comparison to the larger ratios calculated when the air masses originate from "remote" areas, such as the North Sea (Fig. 4, red bars) . If it is assumed that the ratios of emitted PAH are similar, the larger ratios may be attributed to the occurrence of oxidation reactions of PAHs occurring during long range transport from these remote areas, whereas the smaller ratios determined from polluted areas will be modified less. Lohmann and Lammel (2004) point out that the annual mean concen- Fig. 4 . Winter ratio of compound concentrations measured at EROS, Birmingham, UK to species concentrations measured at Weybourne, UK. Blue -ratios determined using average concentrations of air masses travelling from mainland UK and London; Greenratios determined using average concentrations calculated from air masses arriving from mainland Europe; Red -ratios determined using average concentrations calculated from air masses travelling from the North Sea tration of B(a)P measured at a background site in central Europe is only slightly higher than that measured in the Canadian Arctic while for PHE the European site has a vastly higher concentration. They cite evidence that particle-bound PAH are not depleted during their transport. The largest calculated ratios are those of the LMW species, which is consistent with these species being subject to more rapid vapour phase loss due to greater reactivity. According to the standalone ratios calculated using remote air mass rural data (see Fig. 4 ), the reactivity of the LMW PAHs are in the following order: ANT > PYR > B(a)A > CHR > PHE > FLU, which is consistent with the relative magnitudes of vapour phase reaction rate coefficients with respect to OH (Atkinson and Arey, 2007; Atkinson et al., 1990 Atkinson et al., , 1989 Biermann et al., 1985; Brubaker and Hites, 1998; Kwok et al., 1994) , as shown in Table 2 . The lower ratio for most quinones in Fig. 4 relative to their parent PAH can be explained either by the production of these compounds by atmospheric reactions or their greater stability relative to PAH, which has yet to be established adequately, but which is suggested by laboratory studies of their formation.
Conclusions
The choice of Weybourne as a site for measurements was based upon its exposure both to polluted air masses advected from southern England, continental European air masses and far cleaner air traversing the North Sea from the Arctic. In the event, air masses representative of all three sources were sampled, and show interesting differential behaviour, particularly during the summer. The fact that the losses of 3/4 ring PAH correlate with their vapour phase reactivity towards the hydroxyl radical confirms the results of laboratory studies suggesting this as the key reactant. The far smaller loss of high molecular weight compounds in comparison to the lower molecular weight species confirms the relative stability of the former and that the high reaction rates in heterogeneous processes seen in some laboratory studies are probably not occurring in the atmosphere. The far greater relative losses of low molecular weight PAH than of quinones in the more aged air masses indicate either a greater atmospheric stability of the quinones, or their formation during atmospheric transport, or both processes. Some quinones, notably 1,4-naphthaquinone, and anthraquinone show evidence of atmospheric formation in their considerably greater relative abundance in the summer than the winter campaign.
Supplementary material related to this article is available online at http://www.atmos-chem-phys.net/14/ 2467/2014/acp-14-2467-2014-supplement.pdf.
